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Policy background

Although European landscapes have been influenced by human activities for
thousands of years, a clear intensification of disturbance since the 1950s has significantly
changed natural and semi-natural ecosystems, causing a rapid and dramatic loss of
biodiversity. According to the MA’s Biodiversity Synthesis (MA, 2005), habitat change,
such as land-use changes, physical modification of rivers or water withdrawal from rivers,
is one of the most important direct drivers of biodiversity loss and the impairment of
ecosystem service provision, together with climate change, invasive alien species, resource

overexploitation and pollution.

Understanding the effects of these drivers on biodiversity at a range of scales is
essential for the development and implementation of effective conservation measures in
human-disturbed landscapes. Following the Convention of Biological Diversity (UNEP,
1992), several EU initiatives aim to develop a set of ecological indicators to monitor
biodiversity trends in anthropogenic landscapes (McGeoch, 1998; Niemeld, 2000). In order
to protect biodiversity and the sustainable use of ecosystems and their services, bio-
indicators need to be incorporated in extensive and routine monitoring programmes at

different spatial scales (e.g. local, regional and national levels).

The European Union, as well as national and regional governments, has spent much
effort on the development and implementation of novel ecological assessment systems to
evaluate the status of ecosystem quality and monitor trends. These systems can be used to
partly evaluate the impact of major drivers (e.g., agriculture, urbanisation, energy supply)
on ecosystem quality and, simultaneously, the effectiveness of European sectoral policies
(e.g., CAP).

The evaluation schemes are usually based on the comparison of “disturbed” areas
against “undisturbed” reference areas (or against a temporal reference), where the deviation
from the reference condition is equivalent to the degree of disturbance. Recently, a series of
indicator systems targeting deviations from undisturbed conditions and the application of
disturbance gradients were developed and applied in extensive monitoring programs. This
report compares a selection of existing schemes across ecosystems, highlighting their major
differences and communalities.



Freshwater ecosystems

Within the European Union the most advanced and widely used systems are related
to freshwater ecosystems. Here, progress is being driven by the Water Framework Directive
(WFD: European Commission, 2000) that strictly requires the implementation of a
reference condition approach. To be compliant with the WFD, all member states have to
adopt this approach for the development of novel freshwater assessment and monitoring
systems. In this report we refer to freshwater ecosystems only (i.e. lakes and rivers), while

the WFD also applies to transitional and coastal waters, and to groundwaters.

The reference condition approach, however, is also widely applied outside Europe.
Two examples based on models to predict reference conditions are the Australian River
Assessment System (AUSRIVAS, e.g. Turak et al., 1999) and the Benthic Assessment of
Sediment in Canada (BEAST, e.g. Reynoldson et al., 1995; Reynoldson et al., 2000). The
approach is partly applied with a series of bioassessment protocols in the U.S.A. (e.g.
Barbour et al., 1999; Barbour and Y oder, 2000). The latter, however, do not use reference
conditions sensu the WFD as a benchmark for comparison, but designate, for example the
best 25% of sites as being reference. However, these ‘best available’ (or least impacted)
sites might already deviate significantly from a near natural (reference) status. Other
examples have been reported for national monitoring systems in South Africa, for example,
the South African Scoring System (SASS) which uses macroinvertebrates to monitor water
quality (Dickens and Graham, 2002), and the Dragonfly Biotic Index (DBI) to assess the
degradation or recovery of riparian systems using a Biodiversity Recovery Score (BRS).
Both can be used to prioritize freshwater systems according to their ecological integrity
(Samways and Taylor, 2004; Samways et al., 2005; Smith et al., 2007; Samways, 2008;
Simaika and Samways, 2008).

As an example of such a scheme, we present one of the earliest to be developed and
one of the most elaborated, the River InVertebrate Prediction And Classification System
(RIVPACS, e.g. Wright et al., 1984; Wright, 1995; Wright, 2000), developed by the IFE
(Institute of Freshwater Ecology, UK) to assess the ecological quality of rivers (Figure 1).

For decades, freshwater indicator systems were based on reference conditions (or
targeting deviation from undisturbed areas) and predominantly applied biotic indicators,
such as benthic macroinvertebrates, fish and aquatic plants. Another joint approach is the
application of taxonomic and ecological metrics, which make these systems operational

(e.g. taxonomic composition and diversity, sensitivity and tolerance of species to



disturbance, functional and ecological guilds that reflect reproduction and feeding

strategies).
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Figure 1. Flowchart of the RIVPACS assessment system (source: Beck et al., 2005).

The WFD strictly requires the use of four Biological Quality Elements (BQES) in
freshwater ecosystems: fishes, benthic invertebrates, benthic algae and macrophytes, and
phytoplankton (Figure 2). The South African systems presented earlier also apply bio-
indicators, i.e. benthic macroinvertebrates. Nevertheless, abiotic parameters have also been
fundamental in site-specific predictions of the expected macroinvertebrate fauna in the
absence of major environmental stress. For instance, the RIVPACS scheme (Figure 1) uses
12 environmental characteristics (e.g. geographical coordinates, nutrients, climate) to
predict the fauna expected under reference conditions. The ecological evaluation is then
made by comparing the fauna observed at a test site with the expected (reference) fauna of
that site.



Figure 2. Biological Quality Elements (BQE’'s) sampled for water quality monitoring
within the Water Framework Directive.

The development of new indicator systems for freshwaters has been comparatively
straightforward in recent years, but the definition and delineation of reference conditions is
still questionable. Although the WFD and a related guidance document on the definition of
reference conditions (REFCOND: Wallin et al., 2003) provide various instructions for the
definition of reference conditions, actual implementation has proved difficult in many
countries. Criteria to be considered for the definition of reference conditions are, for
instance, the concentration of nutrients, catchment land use and the hydromorphological
modifications of streams. However, unimpacted sites with respect to these criteria are
largely absent in wide areas of Europe, in particular in lowland areas with intensive and

long-term land use. Therefore, the WFD allows an alternative approach for defining
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reference conditions, which is based on modelling and may also take expert knowledge into
consideration. The overall lack of “hard” and standardised criteria and threshold values for
the definition of reference conditions makes this process rather inconsistent. In practice,
reference conditions are often defined as “best available’, i.e. the conditions closest to an
(assumed) undisturbed state. Other approaches even end up with “least impacted”

conditions, which is often far removed from reference.

Defining reference conditions for ecosystems raises the need for typologies. In river
and lake ecosystems, for example, there are known differences between lowland and alpine
lakes and rivers. Besides these ecoregional differences, the size of a river strongly
determines its biological communities. The WFD, thus, requires member states to develop
typologies for all surface waters. The important issue is that reference conditions need to be
set for all types of rivers, lakes, etc. This demand for type-specific reference conditions
constitutes one of the major innovations of the WFD. Streams and rivers are no longer
lumped together, but are classified into groups of similar and comparable entities before
they are assessed, each of which has its own reference condition. Similarly, the Australian
SASS uses rivers of good health in natural areas with little disturbance to derive reference

baseline values, but does not account for typological differences.

A common approach to assess the current status of atest siteisto calculate the ratio
between the “observed” (O) and the “expected” (reference) status (E). This approach has
already been applied for more than 20 years with RIVPACS and its Australian derivative
AUSRIVAS. The WFD requires the use of Ecological Quality Ratios (EQRs), which are
comparable to O/E values. The resulting values are always scaled between zero and one (0—
1), a characteristic that allows comparison between member states as, for instance, required
for intercalibration. Basically, each country is allowed to apply different methods to
determine the quality of a site, such as biotic indices, multimetric indices or multivariate
approaches so long as type-specific reference conditions provide the benchmark for
assessment. The results are expressed in five ecological quality classes: high (= reference),
good, moderate, poor and bad.



Soil ecosystems

In contrast to aquatic ecosystems, the science of bio-indication in other habitat types
such as forests, shrub and grasslands, agricultural, and particularly soil, has been
traditionally driven by ad-hoc studies. They are often based on species or communities and
are comparatively restricted to small spatial scales (Breure et al., 2005). A systematic
monitoring framework at regional or national scales is still lacking in Europe. To address
this need, biological concepts for the ecological classification and assessment of soils,
based on reference data for soil organisms, have been recently developed in a few countries
(e.g. Germany, the Netherlands). They mostly follow the concepts developed for aquatic
ecosystems, which are already applied in routine monitoring (Breure et al., 2005; Rombke
et al., 2005).

In Germany, the “soil biological site classification concept” (BBSK, Rombke et al.,
1997) is used to monitor soil quality. This system was adopted after the approval of the
German Federal Soil Protection Act in 1998 (BBodSchG, 1998) as a promising tool for the
assessment of the habitat function of soils. In the Netherlands, the “biological indicator for
soil quality” (BISQ, Schouten et al., 1997) indication system is routinely used to monitor
soil quality using the monitoring network established by the RIVM (over 200 points —
Figure 3). The system was launched by the Dutch National Soil Quality Network to comply
with the ratified Rio Convention on Biodiversity in 1992, and therefore aims to protect
biodiversity and the sustainable use of soil functions (nutrient cycling, self-purifying

capacity, filtering capacity).

The most frequently used indicator types in soil indicator systems are biotic
indicators (as was also found for freshwater indicator systems). In the BBSK, soil fauna
community composition (mainly small worms: Oligochaeta) are used assuming that their
community composition and structure indirectly reflect their functions. In the BISQ both
structural parameters, such as abundance and community composition of nematodes,
earthworms, enchytraeids and soil micro-arthropods (mainly Collembola and mites), and
functional parameters, such as microbial biomass and respiration, microbial structural and
functional diversity, and C and N-cycling parameters compose the large majority of the 25
indicators used in this scheme (Figure 4). The remaining indicators are chemical and land-

use parameters.



Figure 3. Dutch biological soil monitoring network (source: Rutgers et al., 2008)

Similar to the RIVPACS assessment system used in freshwater ecosystems, the
BISQ concept has the advantage of using a considerable battery of biological, chemical and
land use parameters, which are necessary for a more holistic assessment of the
sustainability of soil use. In fact, the combination of biotic and abiotic measurements in the
same monitoring program leads to the possibility of deducing response models for
individual indicators. With such models based on the dataset obtained, predictions can be
made about effects of environmental and human impact scenarios, which are important for

soil monitoring from local to national scales (Breure et al., 2005).



Figure 4. Amoeba graph with the results of monitoring of a specific group of farms. All
results for the reference sites (biological farms of the same category) have been scaled as
100% (the circle). The average relative value for each indicator in the monitored farms are
represented by the bars (source: Breure et al., 2005).

Nevertheless, the underlying assumptions of both the BISQ and BBSK approaches
are somewhat similar, and are in line with the aquatic indicator systems described in the
previous section. The BBSK scheme assumes that soil fauna composition of a given site is
mainly defined by site characteristics (e.g., land use type, soil properties, climate) and that
each ecoregion has a limited number of site types, or “ecotypes’, each of which has a well
defined fauna composition. The expected composition of the fauna can be used as a
baseline for comparison. In the BISQ scheme, each set of reference sites is defined
according to its abiotic features (including land use, soil properties, management regime,
etc.) which are characterized by a set of values for each one of the 25 indicators. Currently,
the scheme comprises 10 reference conditions including different farm types on different
soils, semi-natural grasslands, heathlands and forests, and also urban green areas (Rutgers
et al., 2008). The selection of reference sites was based on soil monitoring data and also on
expert knowledge. The optimal or desired range of values for each indicator of each
reference condition are derived by modelling based on series of biotic and abiotic datasets
collected simultaneously from a set of monitoring sites (representing each one of the
reference conditions). These values are then used as reference values against which the

indicator values for each monitored site are compared.

As in most freshwater indicator system approaches, the observed (sampled)

community composition of a given site, both in BBSK and BISQ, is compared with the



expected community for the site according to its characteristics (the expected community of
the corresponding “ecotype”). The higher the deviation from the expected community, the
higher the disturbance. In the particular case of BISQ, the values for each indicator are
integrated in a radar histogram (“amoeba plot”, Figure 3), i.e., a circular histogram plot
representing all indicator values, scaled against a historical, undisturbed, or desired
reference situation (the reference value for each variable is scaled as 100%). Negative or

positive deviations from the 100% indicate a departure from the reference situation.

Forest ecosystems

In contrast to soil ecosystems, there is no real analogous indicator system in forests.
The majority of indicator approaches developed for forest ecosystems have not targeted
deviation from undisturbed areas in extensive monitoring programs. However, increasing
concern for the maintenance of the ecological status of production forests, including the
provision of non-production ecosystem services, has resulted in some indicator approaches
which aim to assess the naturalness or the degree of deviation from unmanaged forests, e.g.
the “Environmental Quality Criteria’, the “Forest Ecological Values’ and the “Woodland
Key Biotopes”.

The “Environmental Quality Criteria’” (EQC) was launched by the Swedish
Environmental Protection Agency (www.naturvardsverket.se). The EQC constitutes a
system of classification that can be used to determine whether measured values are low or
high in relation to either a national average or baseline readings (original measurements
taken as reference values). The main purpose of this indicator system is to provide a tool
for local and regional forest managers to make a qualified assessment of ecological status
of any arbitrary selected forest patch. The main driving policy behind this scheme is the
CBD, since the ultimate aim is biodiversity conservation and its sustainable use in forest

landscapes.

The indicators designated for EQC are not based on community composition
assessments (as was the case for the freshwater and soil ecological classification
concepts), but rather on structural (biotic and abiotic) indicators, namely proportion of
old-growth forest, presence of broad-leaved trees, amount of dead wood and amount of
large and hollow trees (dead wood, such as dead tree trunks with caves and crevices), as
well as functional (abiotic) indicators, namely soil acidification, concentrations of heavy



metals in the soil and risk of nitrogen leaching. The underlying assumption is that the state
of forested ecosystems differs from artificial forests not only due to higher deposition of
nutrients and acidic substances that affect soil conditions, but also due to the biodiversity
impoverishment of forests that deviate from reference conditions beyond established
critical values. Deviation from the reference condition is calculated for each indicator as
the ratio between actual and reference state. This ratio is then transferred to a five-class
scale for communication of environmental state to policy makers and economists (e.g. for

the “old growth forest” indicator, see Table 1).

Class Proportion of old- Percentage of Description

growth forest total area

1 Large 50-100 Continuous biotope with little fragmentation

Partially disconnected biotope with minor

2 Fairly large 30-50 fragmentation

Disconnected biotope; many species depend
3 Fairly small 10-30 on large intact stands of old-growth forest
cannot survive

Very disconnected biotope; long-term threat to

4 Small 5-10 species with limited migration potential

So little of biotope remaining that survival is
5 Very small 0-5 uncertain for essentially all species dependent
on old-growth forest

Table 1. Assessment of current conditions of old-growth forest for communication of
environmental state to stakeholders (source: Swedish EPA Report 4917;
http://www.naturvardsverket.se/upload/english/03_state of environment/env_qual_criteria/
Forest_landscapes.pdf).

In two other approaches, the “Forest Ecological Values’ and the “Woodland Key
Biotopes”, no real comparison with reference conditions is made. Both systems were
developed in Sweden, but they have already been adopted in other countries with some

modifications.

The Forest Ecological Values approach aims to bridge the gap between the
scientific community and forest managers. The goal is to provide an operational and cost-
effective approach for assessing ecological value to complement traditional species

inventories. It comprises a large set of indicators (mainly forest structure and dynamic
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metrics) that can be described as a “check-list of elements in a matrix of disturbance
dynamics related forest categories” (http://www.ssc-forestry.com / skogsbiologerna / filer
/ englishexcel .xls). It allows systematic and repeatable assessment of forest processes,
structures and substrates, such as traces of fire, tree species composition, age structure,
coarse dead woody debris, ground vegetation, soil and water characteristics, etc. The
concept has been recognised and applied by major forest companies and other forest
owners. However, as mentioned above, there is no formal comparison with reference areas

or conditions.

The “Woodland Key Biotopes” approach uses the term Woodland Key Habitats
(WKH). WKH are defined as an intact forest area with non-accidental occurrence of red-
listed species or where the characteristics of the forest indicate a strong likelihood of
finding red-listed species. The assessment focuses on selected indicator species, which
indicate a high biological value. A total of 11 different habitat types and 67 indicator
species are included in the monitoring programme. The indicators include: stand history,
current stand structure and occurrence of signal species and red-listed species. This
approach assumes that a WKH has a high biological value (i.e. near pre-anthropogenic), and
has a high probability of hosting one or several red-listed species. Similar to the previous
approach, no reference conditions are defined, with the ecological value of the sites being
classified based on the occurrence of selected indicator species and structures.

Semi-natural grasslands and shrublands

Despite the existence of a few indicator systems developed in North America and
Australia (e.g. http://usda-ars.nmsu.edu/JER/Monit_Assess/monitoring.php), no standard
indication systems exist for semi-natural grasslands and shrublands at the European level.
Therefore, the following text deals with possible monitoring approaches for this ecosystem.

Grassland and shrubland ecosystems are usually species-rich and represent a
distinctive set of European habitats concerning their biodiversity, as well as their aesthetic
and cultural values (Wessel et al., 2004; Quétier et al., 2007). The purpose of indication
and monitoring systems should thus be the conservation of biodiversity and the provision of
these services. In fact, such systems of high biodiversity and cultural values are obliged to
be protected under EU/national designations (Habitats Directive-92/43/EEC; Birds
Directive-79/409/EEC; Anon, 1995; MAFF, 1993). Other related directives are NATURA
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2000, the Convention on Biological Diversity (CBD) and the EU Sustainable Development
Strategy.

In order to develop an ecological classification system based on extensive
monitoring within the European Union, a set of reference areas in Europe could be
represented by traditionally managed semi-natural grasslands and shrublands. These are low
intensity agro-ecosystems, maintained by low to intermediate intensity management or
disturbance events, allowing high levels of biodiversity. The challenge will be the
definition of reference criteria, which are likely to be intrinsically different from the
approaches reported for other ecosystems. Defining reference conditions in semi-natural
habitats has to include human influences, for example, through habitat management. The
maintenance of a large portion of grasslands worldwide depends on the appropriate degree
of management. Consequently, the natural status, which would be the undisturbed (climax)
vegetation, must - by definition - remain unconsidered. Thus, the application of the
reference condition approach in grasslands and other semi-natural ecosystems remains
guestionable. Rather, target conditions should be defined that are based on a traditional and

ecologically compatible degree of management.

The use of indicators for grassland and shrubland biodiversity could be based on a
considerable array of different possible parameters, both biotic and abiotic, although the
indicator types most commonly used in these systems are biotic indicators (and especially,
selected lists of species and structural indicators). About half of the indicators should
describe the development or application of single indices (or lists of single indicators).
Even if many of the indicators which are applied in other habitats can be used to monitor
grassland and shrubland ecosystems, other indicators would also need to be specifically
designed, e.g. bare soil %, grazing intensity, vegetation patchiness. Over and above, among
the possible biotic indicators which could be applied in indicator systems for semi-natural
grasslands and shrublands, those based on functional traits have particular potential as they
can be estimated from rapid field assessments and remote sensing tools (Hodgson et al.,
2005).

The assumptions behind the indicator approach should be that the selected indicators
denote biodiversity values for given conditions. However, this approach could change with
the regional context. For example, in North America and Australia indicator systems are
mostly based on the concept of pasture ‘health’ or ‘condition’ for management practices,
i.e. focusing on the maintenance of sustained production. In Europe, the focus could be on
maintenance of biodiversity via the maintenance of traditional management. The system
also assumes that biodiversity is controlled by several drivers, mainly management and
disturbance regime (i.e. grazing and mowing regime, fire frequency), local environmental
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conditions and landscape structure. Although a standard framework to assess biodiversity in
these systems is not yet available, one could be developed for local to regional levels,
allowing extrapolations to the national and EU scale. Indication should focus on the
maximisation of biodiversity for a given grassland and shrubland type, within the different
European eco-regions.

Conclusions

Comparing the different monitoring indicator systems adopted for the different
ecosystem types, those used in freshwater systems are the most developed, elaborated and
widely used within the European Union. This is a direct consequence of the EU Water
Framework Directive. More recently, biological concepts for the classification and
assessment of soils have started at national and regional levels, particularly in Germany and
the Netherlands, inspired by recent freshwater classification and assessment concepts that
are already routinely applied. These initiatives fit well in the scope of the forthcoming EU
Soil Framework Directive which aims to develop a Common Implementation Strategy (CIS)
for monitoring soil threats linked to land management (including the decline in organic
matter and biodiversity) and soil contamination within member states. In this context it is
important to mention the recent findings of the EU project ENVASSO (www.envasso.com)
that presented a set of indicators to monitor the different threats to soil identified within the
EU Thematic Soil Strategy and attempted to establish a set of reference values for each
indicator for different land use systems across Europe. These findings, together with the
two above mentioned national approaches, are currently being considered by the Joint
Research Centre for the development of an indicator system using soil biodiversity to
evaluate soil quality at the European scale.

When compared to freshwater and soil systems, forests, and particularly grassland
and shrubland ecosystems, lack similar indication approaches. In the case of forests only
one national system (the Swedish EQC) uses a similar reference approach. However, in this
case, like in most national forestry inventories, the indicators are mostly structural and do

not comprise species diversity/richness measures.

More efforts are needed not only to implement this type of scheme on a broader
scale, but also to encourage the inclusion of other types of indicators to complement the
existing ones. In this context, the desired harmonization at the European scale of the
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different national forest monitoring programmes (both in terms of indicators and in terms of
methodologies), attempted in the Forest Focus BioSoil (http://forest.jrc.ec.europa.eu
/ForestFocus/biosoil.html) and Forest Biota (http://www.forestbiota.org) projects, together
with the implementation of the “European Forest Monitoring System-EFMS”, will boost
research at this level. Using data from existing forest monitoring networks (both on
intensive and extensive monitoring scales), the establishment of a forest typology and the
derivation of reference values for each forest type (either in terms of degree of naturalness
or degree of sustainability in production forests), could be achieved as well as the
development of a forest monitoring scheme using this type of reference approach. In
parallel, for grassland and shrublands, a similar approach could be followed, as mentioned
above.

Our comparison of different ecosystems revealed the dominant role of policies in
driving the development of bioindication approaches. However, for the implementation of a
policy, it is necessary that a set of indicators and respective sampling/measurement
methodologies are ready to put into practice. For those ecosystems analysed here which
lack a monitoring scheme in practice (e.g., forests, and grasslands and shrublands), those
tools are already available but need, in some cases, a harmonization of procedures that will
allow their use at broader scales. A good example of such a harmonization process was
undertaken for the soil system, where a series of sampling guidelines for several soil
biodiversity indicators was recently launched by ISO (Rémbke et al., 2006). The use of
common sampling methodologies allows their comparison on a broader scale and their
inclusion in monitoring schemes under a general EU directive (e.g., the Soil Framework
Directive). A policy-related driving force for forest and grassland and shrubland
ecosystems would be likely to lead to further developments in monitoring schemes which
incorporate the “reference condition approach” concepts, namely the creation of a typology
of reference sites according to defined criteria, the definition of associated baseline values,
and the definition of threshold levels indicating (non)tolerable deviation from the reference

conditions.
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